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Abstract

Dissolved organic matter (DOM) in aquatic ecosystems can bind with heavy metals, which
substantially affects the behavior and fate of the metals. However, the binding potential is highly related
to the molecular weights and types of the DOM samples. In this study, aquatic DOMs from different
ecosystems (i.e., river and lake) were fractionated into low molecular weight (LMW-, <1 kDa) and high
molecular weight (HMW-, 1 kDa~0.45 um) fractions, and the MW-dependent heterogeneities in Cd(II)
were investigated by spectral and titration techniques. The results showed that 38.1~40.1% of organic
ligands were distributed in the LM W-fraction, with the remaining 59.9~61.9% in the HM W-fraction.
Parallel factor analysis identified one tryptophan-, one tyrosine-, and one fulvic-like component from
60 pristine fluorescence spectra. It was noted that the tryptophan- and tyrosine-like components were
mainly located in the HM W-fraction, while the fulvic-like components became the predominant organic
ligands in the LM W-fraction. Fluorescence titration analysis showed that, with increased metal addition,
the intensities of all fluorescent components exhibited an initial rapid decline followed by a gradual
decrease or stabilization, demonstrating effective binding of heavy metals with DOMs. The modified
Stern-Volmer model further demonstrated that the Cd(Il) binding potential (logK ) of river DOMs was
generally lower than that of lake DOMs for each MW fraction. In addition, irrespective of DOM types,
the logK |, values decreased with the order of HMW- > Bulk > LMW-, showing obvious MW-dependent
heterogeneities in metal binding. This study clearly revealed that the binding properties of heavy metals
with natural DOMs were highly dependent on DOM types as well as MWs.
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Introduction

Dissolved organic matter (DOM), which consists of
various organic components (e.g., humic acids, proteins,
and carbohydrates) and a wide range of molecular
sizes (<l kDa~0.45 um), is ubiquitous in aquatic
environments [1, 2]. DOM in natural waters plays
a critical role in balancing and structuring ecosystems,
and its degradation process can significantly affect
carbon emissions and mass circulation [3]. Owing to the
presence of multiple active sites, aquatic DOMs can also
complex and chelate heavy metals, thereby influencing
the behavior, fate, and bioavailability of these heavy
metals [4, 5].

Metal binding with DOM has been widely studied
in many aquatic environments, including sloughs [6],
lakes [7], soils [8, 9], sediments [10, 11], sludge [12],
and algal exudates [13]. It was reported that humic-
like substances in sloughs exhibited a high Cu(Il)
binding potential, with a conditional stability constant
(logK,) of 4.5~6.3 [6], while in reservoirs and river
waters, the concentrations of Cu(Il) did not show
a strong correlation with the number of active sites
in humic-like substances [14]. In addition, protein-
like components within autochthonous DOMs showed
high binding potential with Cu(II), but the humic-like
substances became important chelates for allochthonous
DOMs [5]. These heterogeneities indicated that the
metal-DOM interaction was highly dependent on the
sources and types of DOM samples. A comparison of
metal-binding heterogeneities between river and lake
waters can reveal source-dependent heterogeneities in
DOM samples and is, more importantly, of considerable
importance for gaining a deeper insight into the
behavior and fate of heavy metals along the river-lake
transect. Furthermore, previous studies on metal-DOM
interaction have focused mainly on bulk DOM samples,
lacking binding information on heavy metals with
molecular weight (MW)-fractionated DOMs [15]. In
fact, aquatic DOM samples are characterized by a wide
range of molecular sizes from <1 kDa to 0.45 pum [16,
17], and different M W-fractionated DOM would exhibit
distinct binding affinities toward heavy metals due to
their differing components and functional groups. To the
best of our knowledge, information on MW-dependent
heterogeneities in metal binding with DOM between
river and lake waters has not yet been reported.

Aquatic DOMs can fluoresce in nature, and some
spectral methods, such as fluorescence emission-
excitation matrix combined with parallel factor (EEM-
PARAFAC) analysis, can thus be used to reveal the
inherent organic components [18, 19]. In addition, it is
well known that the fluorescent components in DOMs
can be quenched by metals via static and/or dynamic
quenching [5, 6, 20]. Thus, the metal binding parameters
of MW-fractionated DOMs between river and lake
waters can be efficiently revealed by the fluorescence
quenching technique combined with EEM-PARAFAC
analysis.

The objectives of this study were to: 1) compare
the MW-dependent concentrations and compositions of
natural DOMs from different sources; 2) characterize
the metal-binding behaviors of DOMs in terms
of MWs and organic components; and 3) reveal
the MW-dependent binding heterogeneities of these
natural DOM samples. For this reason, river and lake
waters were sampled and fractionated into low MW-
(LMW-, <1 kDa) and high MW- (HMW-, 1 kDa~0.45 pm)
fractions, respectively. The heavy metal Cd(Il) was
applied as the representative heavy metal due to its high
biotoxicity in aquatic environments [21]. Fluorescence
quenching combined with EEM-PARAFAC was applied
to reveal the MW-dependent binding properties of
DOMs from different sources. The results obtained can
deepen our understanding of the importance of MWs
of DOMs in metal binding and the behavior and fate of
heavy metals in aquatic environments, especially along
river-lake transects.

Materials and Methods
Sampling of Water Samples

River waters were sampled from the Nanjing region
of the Yangtze River, the largest and longest river in
China. The lake waters were collected from Meiliang
Bay of Lake Taihu, which is one of the largest lakes in
China. After collection, both the river and lake samples
were stored at 4°C in the dark, transported to the lab
as soon as possible, and then filtered through a 0.45 pm
membrane to obtain the DOM samples.

Molecular Weight-Dependent
Fractionation of DOMs

The stirred-cell ultrafiltration system (Amicon,
USA), equipped with a 1 kDa membrane disc (Millipore,
PLACO07619), was used to obtain the MW-fractionated
DOM samples. Before ultrafiltration, the membrane discs
were cleaned repeatedly using HCI (0.02 M) and NaOH
(0.05 M) solutions, followed by flushing with ultrapure
water. For each ultrafiltration, 300 mL of bulk DOM
samples were transferred to the stirred cell that was
preloaded with membrane discs [2]. The ultrafiltration
system was carried out under a nitrogen pressure
of 345 kPa and a concentration factor of 30 with
continuous stirring. The permeate solutions represented
the organic ligands with MW<l kDa, whereas
the retentates were diluted to 300 mL and regarded
as the HMW fraction (1 kDa~0.45 um) [2, 16].

Binding of Heavy Metals with Molecular
Weight-Dependent DOM

The titration experiments were conducted to examine
the binding properties of the bulk and MW-fractionated
DOM samples with Cd(II) in duplicate. Specifically,
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0.1 M Cd(I) solutions were added to a series of
vials containing 50 mL of bulk or MW-fractionated
DOM solution using an automatic syringe [6, 18, 22].
The concentrations of Cd(Il) in the final solutions
varied in the range of 5 to 100 uM via the addition
of no more than 50 pL of titrant. Based on the Visual
MINTEQ analysis, all titrated solutions were adjusted
to pH 6.0~6.2, under which no precipitate was formed
[18]. After metal addition, the mixtures were shaken
immediately and then stored at room temperature in the
dark for 24 h to ensure reaction equilibrium, followed
by the fluorescence spectral determination [5, 6].

Quantitative Calculation of the Binding
Potential of Heavy Metals with DOMs

The modified Stern-Volmer model was used to
quantify the binding potential of metals with individual
organic ligands, including the bulk and MW-fractionated
components, and expressed as follows:

F 1 1

o

= + —
F;_F f'KM'CM f (1)

where F and F, are the intensities of fluorescent
components with and without metal addition; K, is the
conditional stability constant, which can be obtained
by plotting F /(F,-F) against I/C, ; and f represents the
fraction of the initial organic ligands that correspond to
metal binding [20].

Other Analytical Methods

Concentrations of DOC in the bulk and MW-
fractionated DOM samples were measured using
a TOC analyzer (Shimadzu, TOC-L). UV-Vis absorption
spectra were obtained using a spectrophotometer
(UV-2550, Shimadzu), at wavelengths in the range
of 200~800 nm with 1 nm increments. Fluorescence
emission-excitation matrix (EEM) spectra were
collected at emission (Em) wavelength 250~550 nm
and excitation (Ex) wavelength 200~500 nm using
a Hitachi F-7000 spectrofluorometer (Tokyo, Japan).
The increments of Em and Ex wavelengths were 2 nm
and 10 nm, respectively. The spectrum of ultrapure
water was recorded at intervals of 10 analyses to ensure
no contamination, and interferences from first and
second scatter peaks were eliminated accordingly [6,
14].

PARAFAC is a generalization of bilinear principal
component analysis to higher-order arrays, which
statistically decomposes three-way data into individual
fluorescence components. Each fluorophore gives rise to
one PARAFAC component, and the scores of components
can be used to indicate the relative concentration of
different fluorophores. The PARAFAC model in this
study was carried out using MATLABR2013a and the
freely available DOMFluor toolbox (http://www.models.

life.ku.dk). After several post-acquisition steps for the
pristine EEM spectra, the PARAFAC model with two
to seven components was computed, with the correct
component numbers validated by the residual analysis,
split-half analysis, as well as visual inspection [5, 6].

Results and Discussion

Molecular Weight-Dependent Heterogeneities
in Concentrations and Properties of DOM Samples

Fig. 1 compares the MW-dependent heterogeneities
in the concentrations and spectral properties of river
and lake DOMs. The DOC concentrations for the
bulk river and lake DOMs were 5.36 mg L' and
12.31 mg L, respectively, and those for the LMW
fractions were 2.15 mg L' and 4.69 mg L, respectively.
The results demonstrated that 40.1% of river organic
ligands and 38.1% of lake organic substances were
distributed in the LMW fraction. The distribution
percentage of LMW fractions observed herein was
generally lower than in other oligotrophic aquatic
waters, such as ~70% in Lake Michigan [2], 80% in
rivers of Siberia [23], >60% in the Mississippi River
[24], and ~77% in seawater [2]. These results indicate
that the MW-dependent abundance heterogeneities of
natural DOMs may be related to the eutrophic states of
aquatic ecosystems.

The absorption spectra for all bulk and MW-
fractionated samples exhibited similar patterns, in
which the absorbance decreased quasi-exponentially
with increasing wavelength. Further analysis showed
that the HMW fraction possessed higher absorbance
than the bulk and LMW fractions, irrespective of DOM
types. The results indicate that the aromatic substances
in the river and lake DOM pools were mainly distributed
in the HMW fraction [25].

Fluorescence EEM Spectra of the
River and Lake DOM Samples

To compare the organic components between the
river and lake DOM samples, fluorescence spectroscopy
was applied herein. As depicted in Fig. 2, both the river
and lake DOM samples were characterized by four main
peaks, i.e., peak A (Em/Ex: 340/230 nm), peak B (Em/
Ex: 320/280 nm), peak C (Em/Ex: 450/230 nm), and
peak D (Em/Ex: 420/320 nm). Peaks A and B were
ascribed to tyrosine- and tryptophan-like fluorophores,
respectively, whereas peaks C and D can be assigned
to fulvic- and humic-like fluorophores [15]. The EEM
results revealed the complex nature of eutrophic river
and lake DOMs in which protein-, humic-, and fulvic-
like fluorophores coexisted within the DOM pools,
a pattern also observed in other natural DOMs [18].
Further analysis showed that tyrosine- and tryptophan-
like substances exhibited higher fluorescence intensities
than the humic- and fulvic substances for lake DOM,
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Fig. 1. MW-dependent heterogeneities in DOC abundance and spectral properties of river (a, ¢) and lake (b, d) DOM samples.
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Fig. 2. MW-dependent heterogeneities in fluorescence spectra of DOMs from different origins. a) Lake DOM; b) River DOM.

while the reverse pattern was found for river DOM.
This result indicates the allochthonous origins of DOMs
in river samples and the autochthonous properties of
DOMs in lake samples.

As for the MW-dependent distribution properties,
it was found that peaks A and B were located in the
HMW fraction, while peaks C and D became the main
fluorophores in the LMW counterparts, irrespective of
DOM types. This indicated that protein-like substances
were mainly located in the HMW fraction, whereas
humic- and fulvic-like substances were predominantly
distributed in the LMW fraction. The distribution of

organic components among different MW fractions
observed herein was similar to that of sedimentary
DOMs, model DOMs, and algal exudates [15, 26],
indicating that the MW-related distribution patterns
were independent of DOM types. Compared with the
humic- and fulvic-like substances, the aromatic protein-
like ligands were prone to self-aggregate, forming large
molecular-size aggregates [27], which were responsible
for their predominant distribution within the HMW
fraction.



Molecular Weight- and Type-Dependent...

PARAFAC Analysis of the Fluorescence
EEM Spectra

Although fluorescence EEM spectroscopy can
effectively track the abundance of organic components,
the pristine EEM spectra usually suffer from an obvious
peak-overlapping problem. In order to enhance spectral
resolution and, more importantly, to identify the
independent organic components, PARAFAC analysis
was applied to decompose the pristine EEM spectra.
A total of 60 pristine EEM spectra were used for the
PARAFAC analysis. Based on the residual analysis,
a three-component model was used to decompose the
pristine EEM spectra (Fig. 3).

Component 1 (Cl) exhibited two peaks at Em/Ex
of 340/230 and 340/280 nm, respectively, which can
be ascribed to a tryptophan-like component [16]. C2
was characterized by a peak at Em/Ex of 320/280 nm
and can be classified as a tyrosine-like component.

and a secondary peak (Em/Ex = 470/340 nm) and was
identified as a fulvic-like component [22]. These similar
fluorescent components have been previously found in
some sedimentary DOMs [10] and other surface waters,
such as river waters, lake waters, and seawater [2].

Binding Behavior of PARAFAC-Derived
Components in Response to Cu(Il) Addition

Fig. 4 delineates the variations in fluorescence
intensities of the three PARAFAC-derived components
in response to metal addition. With increasing metal
addition (0~100 pM), all fluorescent components
exhibited an initial rapid decrease followed by a gradual
decline or stabilization, indicating effective binding of
the DOM samples with metals [18]. The ground-state
fluorescent substances within the DOM pool can bind
with metal quenchers through weak interactions such
as van der Waals forces and hydrogen bonds, forming
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Fig. 3. The EEM contours and Em/Ex loadings of the three fluorescent components derived from the PARAFAC model.
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in fluorescence intensity. Further data analysis showed
that the quenching extents of fluorescent components
exhibited obvious differences that were highly related
to DOM types and MWs. For example, with increasing
metal addition, the intensities of Cl and C2 in the
two DOM samples decreased by 52.8~57.8%, while
those of C3 decreased by 60.0~67.0%, indicating more
effective binding of humic- and fulvic-like components
with metals. In addition, irrespective of DOM types,
the percentage decrease in fluorescence intensity
followed the order of 66.4~79.8% for HMW fraction >
52.8~67.0% for bulk fraction > 49.7~62.1% for the LMW
fraction, demonstrating that the HMW organic ligands
exhibited the highest binding efficiencies, followed by
the bulk and then the LMW organic ligands. This can
be ascribed to the different organic components and
binding sites between the LMW and HMW fractions.

It was noted that the intensity of fluorescent
substances was either enhanced or quenched with
increasing metal addition, depending on the metal types,

fluorescence components, and experimental conditions
[20]. Metal-induced fluorescence enhancement has
been widely reported in previous studies focusing on
sedimentary DOM [11] and natural DOM [6]. Compared
with previous studies, the phenomenon of fluorescence
enhancement was not observed in this study, indicating
the absence of changes in the molecular environments
of these organic molecules during metal addition. The
quenching mechanisms of organic ligands with metal
addition include both dynamic and static quenching.
Static quenching occurs when the quencher coordinates
with the fluorescent group to form a nonfluorescent
complex, whereas dynamic quenching occurs through
interactions between the quencher and the excited-state
molecules of the fluorophore [20]. In this study, changes
in absorption spectra and time-resolved fluorescence
identified static quenching as the main quenching

mechanism.
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Table 1. MW-dependent binding properties of Cd(II) with river and lake DOMs.

River DOM Lake DOM
Components MWs
Logk,(R) £ Logk, (R?) s

Bulk 4.77 (0.996) 0.693 4.78 (0.986) 0.675

Cl LMW- 4.71 (0.982) 0.731 4.79 (0.976) 0.642
HMW- 4.83(0.988) 0.913 4.85(0.983) 0.854

Bulk 4.72 (0.996) 0.703 4.79 (0.985) 0.667

C2 LMW- 4.70 (0.984) 0.745 4.72 (0.978) 0.683
HMW- 4.83(0.983) 0.935 4.87 (0.989) 0.878

Bulk 4.87 (0.996) 0.802 4.90 (0.957) 0.622

C3 LMW- 4.78(0.992) 0.778 4.83 (0.970) 0.628
HMW- 4.90 (0.994) 0.865 4.97 (0.994) 0.831

Molecular Weight-Dependent Heterogeneities
in Binding Properties of DOMs
from Different Origins

The modified Stern-Volmer model was applied
to reveal the MW-dependent binding behaviors
of individual fluorescent components with metals
(Table 1). The calculated conditional stability constant
(LogK,) values for the three fluorescent components
ranged from 4.71 to 4.85 for Cl, 4.70 to 4.87 for C2,
and 4.78 to 4.97 for C3, respectively, which were of the
same order of magnitude as those found for sedimentary
DOMs [5], sludge extracellular polymeric substances
[12], and landfill leachates [4]. Further data analysis
showed that these organic ligands were characterized
by varied binding potential that was highly related to
the organic components and MWs. For instance, the
LogK,, values for river samples were generally lower
than those for lake samples, irrespective of organic
components and DOM types, indicating a low metal-
binding potential for river DOMs. The reason may be
attributed to generally higher ionic strengths in river
waters, which can compete with heavy metals for the
binding sites. It was also shown that the LogK, values
for the HMW-fraction (4.83~4.97) were generally
higher than the bulk (4.72~4.90) and the LM W-fraction
(4.70~4.83), regardless of organic components and DOM
types. The results agree with previous studies showing
higher metal-binding potential for organic ligands with
large molecular sizes [15]. Compared with the LM W-
fraction, the HMW counterparts exhibited higher
absorbance and aromaticity (C=0 and C=C double
bonds) (Fig. 1), which corresponded to higher binding
strength [28], accounting for the higher LogK,, values
observed.

The f values of fluorescent components for the
bulk samples ranged from 0.693 to 0.802 for river
DOMs and 0.622 to 0.675 for lake DOMs, indicating
a high abundance of binding sites for heavy metals.
It was noted that the f values observed herein were

significantly higher than those reported in previous
studies investigating sedimentary DOM (0.12~0.69)
[15]. Further data analysis showed that, regardless of
organic components and DOM types, the f values of
the HMW fraction were always higher than those of the
LMW counterparts, indicating that the binding sites of
DOMs with heavy metals were also MW-dependent.

Lastly, our results showed significant environmental
implications for river-lake management and ecological
restoration. For example, this study found higher
metal-binding capacities for river DOMs than for lake
samples. Since the bioavailability of heavy metals is
highly related to the free ion forms [6], the biotoxicity
of heavy metals in river waters should receive more
attention, as the river waters often flow into lakes.
This accounts for the fact that river waters can
usually be considered a pollutant source in terms of
heavy metals due to their low metal-binding potential
and high abundance of free-ion forms [29]. In addition,
due to the ubiquitous heavy metal pollution in river,
lake, and estuarine ecosystems, the application
of biological chelating agents has been widely reported
as an effective technology [30]. Our results demonstrated
that the HMW organic ligands exhibited higher
metal-binding capacities than the LMW counterparts,
suggesting that some HMW chelating agents, such as
glutamic acid, ethylenediaminetetraacetic acid, and
S,S-ethylenediamine-disuccinate-derived chelators
[31, 32], can be prioritized for the detoxification
of heavy metals. In addition, ecological restoration
(e.g., phytoremediation) is a widely used technology
for polluted sediments [33]. Since plant root exudates
consist of various organic compounds and multiple
functional groups that can effectively bind with
heavy metals to reduce biotoxicity [34], plant species
characterized by a high abundance of root exudates are
proposed, based on our results, for their high metal-
binding potential.
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Conclusions

In this study, fluorescence spectroscopy, metal
titration, and ultrafiltration procedures were applied to
explore the MW- and type-dependent binding properties
of heavy metals with natural DOMs. Irrespective
of DOM types, most organic ligands, especially the
tryptophan- and tyrosine-like components, were
distributed within the HMW fraction. For each MW
fraction, the logK, values for river DOMs were
generally lower than those for lake DOMs. In addition,
regardless of DOM types, the logK,, values decreased
in the order of: HMW- > Bulk > LMW-. Our results
demonstrated that metal binding with DOMs in natural
waters was MW- and type-dependent, which can
provide valuable theoretical guidance for river-lake
management and ecological restoration. Further studies
should measure in situ variations in the distribution,
speciation, and bioavailability of heavy metals along the
river-lake transect.
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